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Dry forests are particularly subject to wildfires, insect outbreaks, and droughts that likely
will increase with climate change. Efforts to increase resilience of dry forests often focus
on removing most small trees to reduce wildfire risk. However, small trees often survive
other disturbances and could provide broader forest resilience, but small trees are thought
to have been historically rare. We used direct records by land surveyors in the late-1800s
along 22,206 km of survey lines in 1.7 million ha of dry forests in the western USA to
test this idea. These systematic surveys (45,171 trees) of historical forests reveal that
small trees dominated (52–92% of total trees) dry forests. Historical forests also included
diverse tree sizes and species, which together provided resilience to several types of
disturbances. Current risk to dry forests from insect outbreaks is 5.6 times the risk of
higher-severity wildfires, with small trees increasing forest resilience to insect outbreaks.
Removal of most small trees to reduce wildfire risk may compromise the bet-hedging
resilience, provided by small trees and diverse tree sizes and species, against a broad
array of unpredictable future disturbances.
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INTRODUCTION
Dry forests globally may be particularly vulnerable to cli-
matic change, because their setting is prone to wildfires, insect
outbreaks, and droughts; these disturbances may increase, and
post-disturbance tree recruitment is often poor. Recruitment lim-
itation in forests is a widespread concern (Clark et al., 1999),
particularly where moisture is limiting, as in Pinus forests in
drier parts of precipitation gradients (Dorman et al., 2013). For
example, dry forests of the western USA (Figure S1), which
include montane ponderosa pine (Pinus ponderosa) forests and
dry mixed-conifer forests also with firs (Abies spp.) and Douglas-
fir (Pseudotsuga), can have poor tree recruitment that limits
their recovery after fires, insect outbreaks, and droughts. Tree
recruitment in dry P. ponderosa forests of the western USA over
the last century has been poor, concentrated in episodic plu-
vials (Savage et al., 1996), and spatially variable (Stein, 1988;
Roccaforte et al., 2012). Mortality of P. ponderosa at their eco-
tone with lower-elevation woodlands during a 1950s drought
(Allen and Breshears, 1998) also indicates vulnerability. Rising
temperatures and drought could further reduce tree recruitment
in dry forests (Anderson-Teixeira et al., 2013). Climate envelopes
of seedlings vs. established trees of P. ponderosa suggest general
recruitment failure is underway, possibly a precursor to broader
range contraction (Bell et al., 2014).
In contrast, paleoecological research shows that dry forests
of the western USA persisted for thousands of years in the
face of wildfires, insect outbreaks, and droughts (Jenkins et al.,
2011), suggesting recruitment was not generally deficient and his-
torical forests were resilient. However, this persistence appears
incongruent with the hypothesis that these dry forests historically
had low abundance of seedlings, saplings and small trees
(Covington and Moore, 1994; Allen et al., 2002). This hypothe-
sis is based in part on tree-ring reconstructions, which show that
large trees were historically dominant in most sampled stands
(Williams and Baker, 2012a). However, small trees could have
been common, but missed in tree-ring reconstructions because
small trees had high mortality rates and may decompose by
the time of reconstruction (Allen et al., 2002). Also, tree-ring
reconstructions are not located systematically across landscapes
and plot-level size-class distributions are often averaged, masking
variability (Williams and Baker, 2013). Nonetheless, frequent sur-
face fires were thought to have limited small trees, and some early
accounts do suggest low abundance of tree recruitment (Leiberg
et al., 1904; Covington andMoore, 1994; Allen et al., 2002). Today,
large trees are likely less abundant and small trees more abun-
dant than historically (Covington and Moore, 1994), but our
focus is only on historical abundance of small trees, not current
abundance. The common hypothesis is that low-severity fires his-
torically limited small trees, so they were a low percentage of total
trees and were found across a low percentage of land area.
We use a previously untapped historical source, the General
Land Office (GLO) land surveys, which provide spatially
extensive direct empirical data on historical tree recruitment
(seedlings/saplings, small trees). We use seven study areas that
span dry forests of the western USA (Figure S1) to test the
hypothesis that dry forests historically had little tree recruitment.
We formalize this for the two data sources from the GLO sur-
veys and two components of recruitment abundance: H1: Small
trees were <20% of total trees, and H2: Seedlings and saplings
(trees < 10 cm diameter) were present on <20% of forest area.
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Past specific estimates of percentages were lacking; we used test
values that conservatively represent the hypotheses. Small trees
are ≥10 cm dbh, with an upper size limit of 30–50 cm, defined for
each study area (Williams and Baker, 2012a). We measured and
compared recent risks of higher-severity wildfires and insect out-
breaks in dry forests, separated into ponderosa pine forests and
dry mixed-conifer forests, across the western USA using govern-
ment data. We reviewed the role of tree recruitment in recovery
after these disturbances. We suggest a strategy to maintain the
resilience of dry forests to future disturbances, based on our
findings.
MATERIALS AND METHODS
Data from the public land survey system, conducted by the
U.S. General Land Office, have been widely used in the USA to
reconstruct historical vegetation (Schulte and Mladenoff, 2001).
Surveys in the study areas were generally done in the late-1800s
before widespread expansion of EuroAmerican land uses. The
system consists of 9.6 × 9.6 km townships containing thirty-six
1.6 × 1.6 km sections. Surveyors marked quarter corners at the
0.8 km mark and section corners at the 1.6 km mark along sec-
tion lines. Surveyors were required to record azimuth, distance,
species, and diameter of two bearing trees at quarter corners
and four trees at section corners. Here we used surveyors’ direct
estimates of tree diameters. In an accuracy study, we found
surveyors estimated diameters with sufficient accuracy to place
trees in 10-cm diameter bins (Williams and Baker, 2010). After
applying an empirical correction, diameter distributions from
bearing trees were 87–88% similar to distributions from plot data
(Williams and Baker, 2011), thus are quite accurate. Bearing trees
are a statistically valid sample, as they have low bias and error
(Williams and Baker, 2010).
We also used section-line data recorded by surveyors.
Surveyors in forests were required to record, in order of abun-
dance, the dominant overstory trees and understory plants,
often including small trees (seedlings and saplings) and shrubs
(Williams and Baker, 2012a). Surveyors also often recorded qual-
itative estimates of understory tree density. Not all surveyors
followed the instructions, thus we limited analysis to the set of
surveyors who did so for at least one section-line. The section-
line data represent a statistically valid line-intercept estimate of
cover (Butler and McDonald, 1983).
To provide data to test hypothesis H1, we totaled small and
large trees in each of the seven study areas and for the com-
posite (Table 1, Figure 1). Small trees were defined as ≥10 cm
but ≤40 cm, except ≤30 cm in the Colorado Front Range, where
tree growth is slower (Williams and Baker, 2012a) and ≤50 cm
in the western Sierra, where tree growth is faster (Baker, 2014).
Table 1 | Study areas, corresponding number of trees and section-line length in forested area, and the percentage of forest section line-length
with seedlings and saplings.
Hypotheses Front Coconino Mogollon Black Blue Eastern Western Total or
and range, Plateau, Plateau, Mesa, Mts., Cascades, Sierra, mean
variables Coloradoa Arizona Arizona Arizona Oregon Oregon California
Dry-forest study area (ha) 65,525 41,214 405,214 151,080 304,709 398,346 329,943 1,696,031b
H1: SMALL TREES WERE < 20% OF TOTAL TREES
Number of trees 1055 1643 10,848 2741 7496 11,856 9532 45,171b
Small-tree diameters used (cm) ≤30 ≤40 ≤40 ≤40 ≤40 ≤40 ≤50 ≤30 to 50
Small trees (% of total trees) 91.8 69.5 51.8 81.1 62.0 62.4 60.9 61.6c
Chi-square test resultd X 2 = 3404 X 2 = 2517 X 2 = 6859 X 2 = 6403 X 2 = 8267 X 2 = 13,326 X 2 = 9976 X 2 = 48,772
p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001
H2: SEEDLINGS AND SAPLINGS WERE PRESENT ON < 20% OF FOREST AREA
Section-line length (km) 4004 413 4230 1441 5878 3873 2367 22,206
Seedlings/Saplings present (%) 3.8 43.4 13.3 8.0 34.6 57.4 54.9 29.6
Chi-square test resultf X 2 = 657 X 2 = 140 X 2 = 119 X 2 = 150 X 2 = 780 X 2 = 3385 X 2 = 1780 X 2 = 1238
p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001 p < 0.001
Seedlings/Saplings dense (%) 0.2 28.8 1.9 - 22.4 30.3 20.0 14.3
Seedlings/sapling pinese 0.9 1.4 9.8 7.9 32.7 51.0 42.3 24.8
Seedlings/Sapling firse 0.5 0.0 0.0 0.0 27.1 27.8 39.7 16.4
Seedling/Sapling oakse 0.5 43.3 8.8 7.1 0.0 0.2 42.4 7.6
Seedling/Sapling other treese 2.5 0.4 1.2 2.0 0.3 2.6 25.1 4.0
aStudy areas include the Colorado Front Range (Williams and Baker, 2012a), Coconino Plateau, Arizona (Williams and Baker, 2013), Mogollon Plateau and Black
Mesa, Arizona and Blue Mountains, Oregon (Williams and Baker, 2012a), Eastern Cascades of Oregon (Baker, 2012), and western Sierra Nevada, California (Baker,
2014).
bTotal.
cPercentage for the composite across the seven study areas.
dDegrees of freedom = 1 and N = the number of trees, for all chi-square tests.
eSeedling/Sapling pines, firs, oaks, and other trees may be overlapping, as a line can have, for example, both pines and firs.
f Degrees of freedom = 1 and N = the number of 1-km line-lengths, for all chi-square tests.
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FIGURE 1 | Historical tree size-class distributions for the seven
study areas and a composite across all the study areas: (A) Front
Range, Colorado, (B) Coconino Plateau, Arizona, (C) Mogollon
Plateau, Arizona, (D) Black Mesa, Arizona, (E) Blue Mountains,
Oregon, (F) Eastern Cascades, Oregon, (G) Western Sierra,
California, (H) The composite of all areas. Distributions use 10-cm
bins compatible with the accuracy of diameters measured by the
surveyors (Williams and Baker, 2011). Other trees, not found in every
area, include Pinus edulis and Juniperus spp., Calocedrus decurrens,
Populus tremuloides, and Larix occidentalis. As in Table 1, small trees
were defined as trees ≥10 cm but ≤40 cm diameter, except ≤30 cm
in Colorado (A) and ≤50 cm in California (G).
These diameters generally represent trees that are less than about
140 years old (Bright, 1912; Baker, 2012, 2014; Williams and
Baker, 2013). Trees this size today are often thought to have widely
established after EuroAmerican settlement because of logging,
livestock grazing, and fire exclusion (Covington andMoore, 1994;
Allen et al., 2002; Franklin and Johnson, 2012), and thus may
be removed in restoration treatments. To test H1, we used a chi-
square goodness-of-fit test of a null hypothesis that small trees
were 0.2 of total trees and large trees were 0.8 of total trees. If this
null was rejected, we rejected H1if small trees were <0.2 of total
trees. To control error rates, we Bonferroni-corrected α = 0.05,
for 8 planned tests, one per study area and one for the composite
(Table 1, Figure 1), to α = 0.00625.
To provide data to test H2, we totaled 1-km section lines for
which surveyors recorded understory trees in each of the study
areas and for the composite. Similarly, to test H2, we used a
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chi-squared goodness-of-fit test of a null hypothesis that the area
with seedlings/saplings was 0.2 of the total forested area and the
area without seedlings/saplings was 0.8 of the total forested area.
If this null was rejected, we then rejected H2 if seedlings/saplings
were found across <0.2 of total forest area. We also Bonferroni-
corrected an initial α = 0.05 for 8 planned tests.
We used maps of ponderosa pine and dry mixed-conifer
forests from Landfire Biophysical Settings (www.landfire.gov).
Wildfire area and severity were from raster maps of actual
burned area, not fire perimeters, from the Monitoring Trends in
Burn Severity (MTBS) program (http://www.mtbs.gov). Insect-
caused mortality was from the US Forest Service Forest Health
Technology Enterprise Team (http://foresthealth.fs.usda.gov/
portal/Flex/IDS). Insect outbreaks were detected using annual
aerial surveys. To limit analysis to dry western forests, aerial sur-
vey polygons and wildfires were both clipped by the maps of
ponderosa pine and dry mixed conifer. The annual sample area
varied, but averaged about 9.8 million ha of ponderosa pine and
10.9million ha of drymixed-conifer forests (Table S1), about 80%
of the 25.8 million ha area of western dry forests.
Comparison of wildfire and insect outbreaks was done for each
year both datasets were available. We compared moderate- and
high-severity wildfire area, which are the severities with substan-
tial tree mortality, with areas where tree mortality from insects
was also substantial, as it was visually detected from aerial sur-
veys. We calculated the rate of wildfire using the fire rotation,
which is the number of survey years divided by the fraction of the
survey area impacted by fire in those years. The rate of insect out-
breaks was determined similarly. Some outbreak areas appeared
to overlap in subsequent years and potentially be cumulative.
We performed a union and spatial dissolve in GIS to derive a
conservative estimate of total area impacted by insect outbreaks
over the analysis period. Additional details are in Supplementary
Methods.
RESULTS
SMALL TREES HISTORICALLY ABUNDANT AND DOMINANT
Hypothesis H1 is rejected across all seven study areas and the
composite (Table 1). Small trees generally dominated historical
dry forests, ranging from 51.8 to 91.8% of total trees across the
seven study areas and equaling 61.6% of trees in the overall com-
posite (Table 1, Figure 1). Small trees can be suppressed older
individuals, but were predominantly <140 years old (Bright,
1912; Williams and Baker, 2012a). Small trees were somewhat
diverse, with pines most abundant, but also firs, oaks and other
conifers and hardwoods (Figure 1). Hypothesis H2 is rejected for
study areas in California and Oregon, but not in Arizona and
Colorado (Table 1).
HIGHER RECENT THREAT FROM INSECT OUTBREAKS THAN FROM
WILDFIRE
Data from government agencies show that insect outbreaks
were recently a more significant threat to dry forests than were
moderate- to high-severity wildfires; similar data are not available
for droughts. It is conservatively estimated (i.e., consolidating all
areas of spatial overlap) that insect outbreaks caused substantial
detectable tree mortality in 5,193,752 ha of western dry forests
over the 1999–2012 period for which spatial data were avail-
able, which is 5.6 times the 934,551 ha impacted by moderate-
to high-severity wildfires (Table S1). Mean ratios of insect to
fire impact were 4.5 in ponderosa pine and 6.9 in dry mixed-
conifer forests (Table S1). At the rates during 1999–2012, it would
require 311 years for moderate- to high-severity wildfires to burn
once across an area equal to the area of western dry forests, but
only 56 years for insect outbreaks to impact this area (Table S1).
Rotations for fire varied from 265 years in ponderosa pine to
367 years in dry mixed-conifer forests, and for insects from 53
years in dry mixed-conifer to 59 years in ponderosa pine forests
(Table S1).
DISCUSSION
NATURAL DISTURBANCES FOSTERED HISTORICALLY ABUNDANT
SMALL TREES AND DIVERSE TREE SIZES
Historical dominance of small trees in dry forests (Figure 1)
does not support the hypothesis that surface fires generally
kept small trees rare. Small trees had successfully recruited and
were dominant in all dry-forest areas (Figure 1). These small,
established trees are given more weight, than smaller, more
ephemeral seedlings/saplings, for which evidence is more mixed.
Seedlings/saplings were abundant in the majority of areas, except
two southwestern landscapes (BlackMesa,Mogollon Plateau) and
the Colorado Front Range (Table 1). Early scientific sources cor-
roborate limited seedlings/saplings in these areas (Leiberg et al.,
1904; Williams and Baker, 2012b). Early foresters emphasized
preserving advanced recruitment during logging (Pearson, 1923).
Thus, recent high-severity fires do not have unprecedented poor
recruitment (Savage and Mast, 2005). Seedling/sapling popula-
tions in these landscapes must have fluctuated, since small trees
had been able to recruit and dominate all dry forests (Figure 1).
Particular sequences of fires, droughts, and other disturbances
may explain fluctuating seedling/sapling populations (Dugan and
Baker, in press), and reinforce the historical role of advanced
recruitment.
Dominance of small trees, and even ephemeral
seedling/sapling populations in most areas, indicates more
imperfect limitation of tree recruitment by historical low-severity
fires than previously thought. Other disturbances, including
droughts, insect outbreaks, and more severe fires likely killed
canopy trees and increased tree recruitment, particularly if
followed by pluvials (Savage et al., 1996; Dugan and Baker, in
press). The Colorado Front Range and Black Mesa (Williams
and Baker, 2012a) had the greatest dominance of small trees
(Figures 1A,D), and our reconstructions showed these areas
had more higher-severity fires (Williams and Baker, 2012a,b).
Historical abundance of small trees and importance of higher-
severity fires in structuring tree populations across dry-forest
landscapes are supported by an independent dataset of tree
ages (Odion et al., 2014). Higher-severity fires likely interacted
with other disturbances to produce diverse tree sizes that were
together more resilient to disturbance than would have been the
case if only low-severity fires had occurred and large trees had
dominated. Historical dominance by small trees and diverse trees
sizes are consistent with long-term persistence and resilience of
dry forests after disturbances (Jenkins et al., 2011).
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ABUNDANT SMALL TREES AND DIVERSE TREE SIZES CONFER
RESILIENCE IN MODERN FORESTS
Modern observations also document key, but contrasting roles for
advance recruitment and surviving larger trees in forest resilience
after fires, insect outbreaks, and droughts. Higher-severity fires
may be followed by variable recruitment, including poor recruit-
ment, lags in recruitment, or abundant recruitment in some areas
(Roccaforte et al., 2012), with large, surviving trees and proxim-
ity to them important (Bonnet et al., 2005; Haire and McGarigal,
2010).
About a dozen bark-beetles, that kill trees over large areas of
dry forests in the western USA, are the major outbreak insects
(Bentz et al., 2010; Weed et al., 2013). In this case, larger trees
are differentially susceptible, which often leaves smaller sur-
viving trees as the key source of post-outbreak recruitment.
Vulnerability of larger trees to bark beetles is related to greater
food resources (Raffa et al., 2008). In a 1970s outbreak of moun-
tain pine beetle (Dendroctonus ponderosae) in ponderosa pine
in Colorado, tree survival was substantially higher for trees
<20 cm diameter (McCambridge et al., 1982). Similarly, western
pine beetles (Dendroctonous brevicomis) kill relatively few trees
<40 cm (Miller and Keen, 1960). However, Ips in Arizona pref-
erentially kill smaller trees (Negrón et al., 2009). Nonetheless,
advance recruitment generally dominates post-outbreak recruit-
ment. After spruce beetle (DeRose and Long, 2010) andmountain
pine beetle outbreaks (Astrup et al., 2008), small trees present
before outbreaks dominated post-outbreak recruitment. Since
these small trees were more diverse than pre-outbreak canopy
trees, post-outbreak forests may have greater resilience to future
outbreaks (Diskin et al., 2011; Kayes and Tinker, 2012).
Drought often also differentially kills the largest, oldest trees,
with less mortality in small and mid-sized trees (Allen et al.,
2010), thus also leaving advance recruitment. Drought effects
on tree mortality can be widespread and affect forests for cen-
turies (Allen et al., 2010). Drought also influences the occurrence
of wildfires, insect outbreaks, and regional tree mortality (Allen
et al., 2010), thus it is difficult to parse the impacts of drought
alone.
The upshot is that both small trees and surviving larger trees
and a diversity of tree species provide resilience to disturbances.
Surviving larger trees are particularly important after higher-
severity fires and abundant small trees are particularly important
after insect outbreaks and droughts.
RESTORING AND MAINTAINING THE BET-HEDGING RESILIENCE OF
HISTORICAL FORESTS
Current restoration strategies that seek to increase forest resilience
focus predominately on impacts from severe wildfires, but bark-
beetle outbreaks and other insects affected 5.6 times the area of
western dry forests impacted by moderate- to high-severity fires
over the most recent 14-year period (1999–2012). Current rates
of moderate- and high-severity fire, with a combined rotation of
311 years (Table S1), would likely not prevent recovery of old-
growth forests in the interlude between fires, but rates of insect
outbreaks, with a rotation of 56 years (Table S1), could prevent
recovery of most older dry forests. Previous research, using the
same data sources, in a more limited and lower-elevation area
in the southwestern United States, found that beetle-outbreaks
affected 2.5–4 times as much area as moderate- to severe wildfires
(Williams et al., 2010). Both wildfires (Dennison et al., 2014) and
beetle-outbreaks (Bentz et al., 2010;Weed et al., 2013) are increas-
ing in parts of the western United States. Future outcomes are
uncertain and complex, however, as beetle-outbreaks can affect
wildfire probability (Simard et al., 2011), and as tree mortal-
ity occurs, both beetle outbreaks and wildfires could become
self-limited (Williams et al., 2010).
Ecological restoration of public dry forests in the western USA
is increasingly a goal, because these forests were altered by unsus-
tainable logging, livestock grazing, and fire exclusion that allowed
abundant small trees to recruit (Covington and Moore, 1994).
Retaining older trees, while removing most small trees up to ages
or sizes of trees recruited since EuroAmerican settlement (Figure
S2A), is thus often a restoration focus (Covington and Moore,
1994; Allen et al., 2002; Abella et al., 2006; Franklin and Johnson,
2012). Typical upper tree age and size limits are 120–150 years old
or 30–50 cm diameter (Abella et al., 2006; Franklin and Johnson,
2012).
We show here, however, that these small trees were the tree
sizes historically dominant in these forests (Figure 1, Table 1),
thus removing most small trees so they are no longer dominant
is not ecological restoration. There are also efforts underway to
increase resilience of forests to droughts by removing most small
trees and lowering stand density. However, stand density does not
appear to play a major role in level of tree mortality from drought
(Ganey and Vojta, 2011). Thus, strategies to reduce most small
trees are neither restorative nor very effective.
We suggest diverse historical tree sizes and abundant and
dominant small trees long provided bet hedging in dry-forest
landscapes subject to unpredictable disturbances. These forests
can be more effectively restored and their resiliency to future
disturbances increased by maintaining or restoring the histor-
ical abundance, dominance, and diversity of small trees, while
also restoring large trees depleted by logging (Figure S2B). This
can be achieved with historically congruent diversities of forest
structures across landscapes, based on GLO and other spatial
reconstructions. This bet-hedging landscape approach to eco-
logical restoration is consistent with long-term persistence of
historical forests, the high current threat from insects, and would
likely confer more resilience to disturbances, that may all increase
in the future, than would just retaining larger or older trees across
large areas.
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